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ABSTRACT

An Evaluation of Arthropod Assemblages in Great Salt Lake Wetland Habitats:
Differences Between Native and Invasive Vegetation
and Implications for Restoration

by

Emily E. Leonard, Master of Science
Utah State University, 2020

Major Professor: Dr. Karin M. Kettenring
Department: Watershed Sciences

Wetlands provide essential habitat for a variety of birds. Invasive species can
disrupt trophic interactions within wetlands by altering the arthropod assemblages on
which bird populations rely. However, arthropod assemblage differences between
invasive wetland plants and the natives that they replace are poorly defined. Wetland
management efforts often involve invasive plant removal and native revegetation for the
creation of bird habitat, yet there are few data that compare arthropods in invasive
vegetation and restored habitats. Furthermore, studies that highlight the effects of
restoration approaches on these assemblages are uncommon. Phragmites australis
(common reed) is an aggressive invader in Great Salt Lake wetlands, Utah, U.S.A. The
removal of Phragmites can help restore native vegetation, but the effects of Phragmites
and restoration on arthropods are unclear. As food availability contributes to bird habitat
quality, identifying how arthropods use Phragmites and native vegetation and respond to
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restoration is essential for management. This study compared arthropod assemblages
between native and invasive vegetation, identified how arthropods respond to native plant
recovery following Phragmites removal, and assessed if restoration approach affected
arthropod assemblages. I noted several similarities and differences between the
arthropods found in dominant, Great Salt Lake wetland vegetation types and identified
critical arthropod habitats. There were few differences in arthropod assemblages between
Phragmites and two native habitats—Schoenoplectus acutus (hardstem bulrush) and
Bolboschoenus maritimus (alkali bulrush). Differences observed in a third native habitat,
Salicornia rubra (pickleweed), were associated with variation in vegetation structure and
abiotic conditions. Restoration method did not influence the arthropods found in
previously-invaded wetlands in this study, though Phragmites removal and native plant
reestablishment increased arthropod abundance and activity. These results suggest that
invasive species removal can benefit arthropod food sources for birds and have several
restoration implications for Great Salt Lake wetlands and Phragmites-invaded regions
throughout North America. This study provides a framework for prioritizing areas for
restoration and selecting management practices to best preserve arthropod avian food
sources. In general, observed changes in arthropod assemblages between native and
invasive vegetation as well as in restored wetlands can serve as valuable metrics for
quantifying avian food availability and restoration success.
(105 pages)

v
PUBLIC ABSTRACT

An Evaluation of Arthropod Assemblages in Great Salt Lake Wetland Habitats:
Differences Between Native and Invasive Vegetation
and Implications for Restoration
Emily E. Leonard
Wetlands provide important habitat for various birds. Invasive plants can disrupt
wetland food webs by altering the arthropod assemblages (invertebrate animals such as
spiders, mites, insects, centipedes, and millipedes) on which these birds rely. However,
differences between the wetland arthropods found in invasive vs. native vegetation are
poorly defined. Wetlands are often managed for the creation of bird habitat through
invasive species removal and native plant revegetation, yet few studies have examined
the effects of these restoration methods on arthropod bird food sources. Phragmites
australis (common reed), is an aggressive grass species in wetlands surrounding the
Great Salt Lake, Utah, U.S.A. Phragmites dramatically alters the structure and
composition of bird habitat by outcompeting native vegetation. While removing
Phragmites can help restore bird habitat, the effects of Phragmites invasion and wetland
restoration on arthropod bird food sources is unclear. Therefore, an understanding of
how arthropods interact with both native vegetation and Phragmites and of arthropod
assemblage changes following Phragmites removal and restoration efforts is necessary
for the management of bird habitat. To address these knowledge gaps, this study
identified differences in the arthropod assemblages associated with native and invasive
habitats, assessed the role of restoration method in determining the arthropods found in
previously-restored wetlands, and examined arthropod responses to native plant recovery
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following Phragmites removal. Results of this research indicated few differences
between the arthropod assemblages associated with Phragmites and two native vegetation
types and highlighted the importance of one native species, Salicornia rubra, which
provided unique arthropod habitat. In addition, restoration method did not substantially
affect the arthropods found in previously-invaded wetlands, yet Phragmites removal and
native plant recovery increased arthropod abundance and activity. This research
provides a framework for assessing arthropods as a food source for birds in wetlands and
has several restoration implications for both the Great Salt Lake region and Phragmitesinvaded wetlands across North America. By identifying the ways in which arthropods
use both native and invasive vegetation and monitoring arthropods following invasive
species removal and restoration, observed changes in their assemblages can offer a
measure of restoration success in wetlands managed for bird habitat.
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CHAPTER I
INTRODUCTION

Nonnative invasive species are a significant threat to global biodiversity (Bartz
and Kowarik 2019; Schirmel et al. 2016). Invasive plants have the potential to
outcompete native vegetation and substantially alter the structure, composition, function,
and services of the ecosystem that they invade (Lodge et al. 2006; Wu et al. 2008). For
this reason, the removal of invasive plant species and restoration of native vegetation
have become common natural resource management goals throughout the world
(Weinstein et al.1997; Zavaleta et al. 2001; Zhao et al. 2016). However, to understand
the best management approach for an invaded system, we must first recognize how the
invading species interacts with both native vegetation as well as resident wildlife (Vilà et
al. 2011). The replacement of native plants by an invasive species can limit the habitat
available to wildlife and significantly alter trophic interactions within the invaded system
(Gratton and Denno 2005; Schirmel et al. 2016). Despite these potential impacts, the
ways in which native wildlife may be using invasive vegetation habitats are often poorly
defined (see Fork 2010; Gerber et al. 2007; Gratton and Denno 2005,2006; Herrera and
Dudley 2003 for robust examples). In addition, the current tendency to focus on native
plant reestablishment as a single metric of restoration success following invasive species
removal fails to account for the response of other native communities to restoration
efforts (Matthews 2009; Zhao et al. 2016). Therefore, it is essential that we not only
recognize how native assemblages interact with invasive species, but also that we
monitor the effects of invasive species removal and restoration on the recovery of these
communities as well.
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Wetlands are particularly susceptible to invasive plants, with many of the world’s
most aggressive invaders found in these ecosystems (Zedler and Kercher 2004).
Wetlands provide essential habitat for native wildlife, including a variety of shorebirds,
songbirds, and waterfowl species (Ma et al. 2010; O’Neal et al. 2008). However,
invasive plants have the potential to substantially alter these wetland habitats (Traveset
and Richardson 2006; Zedler and Kercher 2004, 2005) and limit the resources on which
native wildlife depend. (Hooper et al. 2005). One common wetland invader, Phragmites
australis (hereafter Phragmites), is capturing continental attention for its ability to rapidly
spread, outcompete native vegetation, and disturb wildlife habitat in wetlands across
North America (Kettenring et al. 2012; Lambertini et al. 2012; Meyerson et al. 2010).
Phragmites establishes expansive monocultures within invaded wetlands and creates
thick litter layers that prohibit the growth of native vegetation (Ailstock et al. 2001;
Holdredge and Bertness 2010; Kettenring et al. 2011; Kettenring et al. 2016). As a result,
wetlands invaded by Phragmites often experience reductions in overall plant diversity,
structural complexity, and native wildlife habitat (Ailstock et al 2001; Tulbure et al.
2007). These detrimental effects have made Phragmites management and the restoration
of previously Phragmites-invaded wetlands a priority across North America (Rapp et al.
2012; Rohal et al. 2018).
Evidence regarding the impacts of Phragmites on native fauna is often
insufficient or conflicting by region (Kettenring et al. 2012). Some literature suggests
that Phragmites significantly alters turtle (Cook et al. 2018), macroinvertebrate (Warren
et al. 2001; Whyte et al. 2008), fish (Able et al. 2003; Dibble et al. 208), and bird habitat
(Raichel et al. 2003; Robichaud et al. 2017; Warren et al. 2001), whereas other studies
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observed that Phragmites stands provide valuable habitat for various invertebrates and
songbirds (Kiviat 2013, 2019). Furthermore, there are little data regarding the responses
of native fauna or terrestrial food webs to Phragmites removal and restoration efforts in
wetlands (Dibble et al. 2013; Gratton and Denno 2005). Specifically, wetland arthropods
offer a vital food source for the various resident and migratory bird species. Arthropod
assemblage responses to Phragmites invasion and to common restoration methods may
determine avian food availability and habitat quality in wetlands, yet there are few data
describing these responses and their implications for wetlands management (see Gratton
and Denno 2005, 2006; Warren et al. 2001 for examples).
In the Great Salt Lake region in Utah, U.S.A., Phragmites currently threatens tens
of thousands of acres of critical bird habitat (Kettenring et al. 2012; Long et al. 2017;
IWJV 2013). The wetlands surrounding the Great Salt Lake offer an oasis for millions of
migratory birds passing through the region along the Pacific and Central flyways each
year, and provide valuable year-round habitat for several resident bird species (Evans and
Martinson 2008; Downard et al. 2017; IWJV 2013). Great Salt Lake wetlands, once a
mix of native plant species, are rapidly converting to Phragmites monocultures (Downard
et al. 2017; Kettenring et al. 2012; Long et al. 2017). While this shift from native to
invasive vegetation significantly alters the structure and composition of bird habitat,
avian food resource availability also contributes to habitat quality. Aquatic and terrestrial
arthropods offer an important food source for many of the region’s song birds, waterfowl,
and shorebirds (Richards 2014; Roberts 2013; Cavitt 2007). However, prior to this study,
the extent to which terrestrial arthropod assemblage differed between Phragmites
vegetation and the dominant native vegetation types in Great Salt Lake wetlands was
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unknown. In addition, Great Salt Lake wetlands are primarily managed for the creation
of migratory shorebird and waterfowl habitat (IWJV 2013). Current management
approaches focus on the removal of Phragmites and recovery of native vegetation and
habitat structure (Rohal et al. 2017, 2018, 2019). However, to best manage these
wetlands for bird habitat, managers must also recognize how Phragmites removal may
affect arthropod food sources for birds and assess the role of restoration approach in
determining the arthropod assemblages that establish following Phragmites removal.
This thesis proposes one approach to determining the impacts of invasive
Phragmites on bird habitat and evaluating wetland restoration success. I describe an
arthropod monitoring method that can be used to highlight both shifts in avian food
availability following Phragmites invasion in wetlands and the efficacy of common
restoration approaches (i.e., the removal of Phragmites and native plant revegetation). In
chapter 2—Arthropod assemblages found in invasive Phragmites vegetation do not
differ substantially from native bulrush assemblages whereas pickleweed playa
provides unique arthropod habitat—I compare the arthropod assemblages associated
with three dominant native plant species and Phragmites-invaded areas. Here I
determine differences and similarities between dominant habitats to gather baseline data
on the arthropod assemblages found in Great Salt Lake wetlands and identify potential
shifts in arthropod assemblages following Phragmites invasion. In chapter 3—Wetland
arthropod assemblages are significantly altered by invasive Phragmites removal and
native plant recovery but do not differ based on restoration approach—I use two
case studies to compare the arthropods found in actively restored wetlands following
common restoration approaches (revegetated with a native seed mix vs. unseeded) and
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identify differences between the assemblages associated with restoration sites and
Phragmites monocultures. In both chapters, I provide detailed analyses describing the
effects of various abiotic and biotic site condition variables on wetland arthropods and
highlight several management implications. The research described in this thesis
provides previously lacking baseline data on terrestrial arthropods found in the dominant
wetland habitats in the Great Salt Lake region and can help inform specific Phragmites
management decisions and restoration approaches to best preserve critical bird habitat.
By quantifying and comparing arthropod assemblages found in native and invasive
vegetation and monitoring arthropods following invasive species removal and restoration,
observed changes in arthropod assemblages can be used to estimate avian food
availability and determine restoration success in Phragmites-invaded wetlands across
North America.
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CHAPTER II
ARTHROPOD ASSEMBLAGES IN INVASIVE AND NATIVE VEGETATION
OF GREAT SALT LAKE WETLANDS

Abstract
Wetlands provide essential habitat for a variety of shorebirds, songbirds, and
waterfowl. Invasive species have the potential to disrupt trophic interactions within
wetlands by altering the arthropod assemblages on which these bird populations rely.
However, there are few quantitative data that describe terrestrial assemblage differences
between invasive wetland plants and the natives that they replace. An invasive grass
species, Phragmites australis (common reed), is rapidly invading wetlands surrounding
the Great Salt Lake, Utah, U.S.A. Phragmites outcompetes native vegetation and
substantially alters critical habitat for both resident and migratory bird species. Although
the removal of Phragmites can help restore native vegetation, additional factors, such as
food resource availability, contribute to bird habitat quality. Arthropods provide an
important food source for many bird species, yet how Phragmites may be altering
arthropod assemblages is unclear. To address these knowledge gaps, this study examined
how arthropod assemblages differ between native and invasive vegetation habitats in
Great Salt Lake wetlands. In 2018 and 2019, I examined the aquatic and terrestrial
arthropod assemblages found within three, dominant, native wetland habitat types as well
as in areas invaded by Phragmites. There were few significant differences in terrestrial
arthropod biomass, abundance, or taxon richness between Phragmites-invaded areas and
two of the three selected native habitat types. Observed differences between the
arthropod assemblages associated with Phragmites and the third native, Salicornia rubra

11
(pickleweed), were associated with differences in vegetation structure, biomass, and
related abiotic site conditions. Identifying the ways in which arthropods interact with
both Phragmites and native vegetation is critical to recognizing how to manage wetlands
for bird habitat. By gaining a better understanding of these relationships, arthropod
biomass, abundance, diversity, and assemblage composition could serve as potential
assessment metrics for determining management success in Great Salt Lake wetlands.

Introduction
Invasive plant species have the potential to modify their environment by
outcompeting native vegetation and altering the structure and function of the ecosystem
that they invade (Lodge et al. 2006; Wu et al. 2009). The replacement of native
vegetation by an invasive species can limit the habitat available to local wildlife and
cause disruptions in trophic interactions within the invaded system (Gratton and Denno
2005; Schirmel et al. 2016). Wetland ecosystems are particularly susceptible to these
potentially damaging effects of invasive plants, with a disproportionate 24% of the
world’s most aggressive invaders found in wetlands (Zedler and Kercher 2004). The
presence of an invasive plant species can influence the amount of habitat available for
wetland wildlife, specifically for the various bird species that heavily rely on wetlands
(Hooper et al. 2005). Changes following plant invasions are motivating restoration
efforts in wetlands around the world (Zedler and Kercher 2004,2005; Traveset and
Richardson 2006). Understanding the complex interactions between invasive species and
native faunal assemblages is necessary for successful restoration, but there are few
quantitative data that describe differences in avian food resources, especially terrestrial
arthropod assemblages, between invasive plants and the natives they replace in wetland
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ecosystems (but see Fork 2010; Gerber et al. 2007; Gratton and Denno 2005,2006;
Herrera and Dudley 2003; for robust examples).
The invasion of Eurasian Phragmites australis over the last 150 years—a tall, fast
growing, perennial grass species rapidly spreading across North American wetlands
(Ailstock et al. 2001; Kettenring et al. 2012; Lambertini et al. 2012; Meyerson et al.
2010)—exemplifies the potentially problematic nature of invasive plant species. The
ability for Phragmites australis (hereafter Phragmites) to rapidly colonize and dominate
an invaded area makes it a common wetland management concern across the continent
(Hazelton et al. 2014). Phragmites establishes dense monocultures and thick litter layers
that overcrowd and outcompete native vegetation (Holdredge and Bertness 2011;
Windham and Meyerson 2003). Such effects reduce overall plant diversity and structural
complexity within the invaded system, which may subsequently limit the habitat
available for native wildlife (Ailstock et al 2001; Tulbure et al. 2007). Despite some
reported use of Phragmites by native fauna in North America (Kiviat 2013, 2019), it is
typically thought to provide poor wildlife habitat (Meyerson et al. 2000). Phragmites
inhibits the movement of large animals through wetlands, and few herbivores have been
observed consuming this invasive grass (Meyerson et al. 2000). There is also evidence to
suggest that bird (Raichel et al. 2003; Robichaud et al. 2017), turtle (Cook et al. 2018),
macroinvertebrate (Warren et al. 2001; Whyte et al. 2008), and fish (Able et al. 2003;
Dibble et al. 2013; Raichel et al. 2003; Warren et al. 2001) populations may be altered by
Phragmites invasion. Previous studies in tidal marsh wetlands in the eastern United
States found that Phragmites stands supported a different arthropod assemblage than
neighboring native vegetation sites (Gratton and Denno 2005, 2006). However, relatively
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little data exists on the arthropod biomass, abundance, density or diversity associated
with Phragmites stands in other regions.
I investigated how invasive Phragmites invasion influenced terrestrial arthropod
assemblages and compared differences among dominant, native habitat types in Great
Salt Lake wetlands, Utah, U.S.A. In the Great Salt Lake region, Phragmites invasion
currently threatens thousands of acres of native wildlife habitat (Kettenring et al. 2012;
Long et al. 2017; IWJV 2013). The numerous emergent, submergent, and playa mudflat
wetlands surrounding the lake—the largest saline lake in the Western Hemisphere—
represent over 75% of Utah’s wetlands, and are part of the Western Hemispheric Reserve
Network for migratory birds (Evans and Martinson 2008; Downard et al. 2017; Roberts
2013). These wetlands serve as an oasis for millions of migratory birds passing through
the Pacific Flyway each year and offer a year-round home for several resident bird
species (IWJV 2013). Native vegetation provides protection for birds while they feed on
an abundance of invertebrates and seeds within these wetlands (IWJV 2013; Johnson
2007; Roberts 2013). However, many of these wetlands, typically dominated by native
bulrushes (threesquare: Schoenoplectus americanus, hardstem: Schoenoplectus acutus,
and alkali: Bolboschoenus maritimus), saltgrass (Distichlis spicata), and pickleweed
(Salicornia rubra) are rapidly converting to Phragmites monocultures (Downard et al.
2017; Kettenring et al. 2012; Long et al. 2017). For this reason, Great Salt Lake wetland
managers currently implement several techniques to remove Phragmites and restore
native vegetation to create and preserve bird habitat (Rohal et al. 2017,2018, 2019).
Although the removal of Phragmites can help restore native vegetation, additional
factors, such as food resource availability, contribute to bird habitat quality. Aquatic and
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terrestrial arthropods are an important food source for Great Salt Lake wetland song
birds, waterfowl, and shorebirds (Richards 2014; Roberts 2013; Cavitt 2007). It is
imperative to not only understand how these arthropods are currently using native
vegetation within the wetlands, but also how arthropods respond to Phragmites invasion.
Therefore, this study addresses these knowledge gaps by examining the question; how do
arthropod assemblages differ between native vegetation and nonnative Phragmites
habitats in Great Salt Lake wetlands? I expected that arthropod assemblages (biomass,
abundance, and taxon richness) would differ substantially among the three, native habitat
types because they differ in vegetation structure and environmental site conditions (e.g.,
litter-depth, hydrology). Specifically, the height and vegetation biomass of the two
native bulrushes (B. maritimus and S. acutus) are often greater than S. rubra, and both
bulrushes tend to be found in areas with increased water depths. I expected that this
would influence the arthropod communities by increasing arthropod abundance and
biomass and contribute to differences between habitat types. In addition, stands of nonnative Phragmites yield areas of tall, densely growing vegetation with greater vegetation
biomass relative to the native species in this study. For this reason, I also predicted that
arthropod biomass, abundance, and taxon richness would be lower in invasive
Phragmites than in native vegetation, and that Phragmites would support a
compositionally different arthropod assemblage. In 2005, Gratton and Denno
documented shifts in arthropod assemblage composition following Phragmites invasion
in Atlantic coastal wetlands and identified differences between invaded and native
habitats. If wetlands in the Great Salt Lake region are experiencing similar shifts in
arthropod assemblage composition as documented by Gratton and Denno (2005), these
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shifts could suggest that traditionally available arthropods are becoming less accessible to
birds within these habitats.

Methods and Materials
Experimental design
In 2018 and 2019, I compared arthropod assemblages between three native and
one invasive vegetation type (i.e., Phragmites) in wetlands surrounding the Great Salt
Lake in Utah, U.S.A where Phragmites invasion is an on-going management priority
(Kettenring et al. 2010; Rohal et al. 2018; IWJV 2013). To determine if arthropod
assemblages differ between native vegetation and nonnative Phragmites habitats in Great
Salt Lake wetlands, I collected arthropods using two common trapping techniques and
gathered data on various site condition variables from each habitat type. Collected
specimens were identified in the lab, processed, and weighed to calculate the arthropod
abundance, taxon richness, biomass, and taxon composition associated with the different
habitats.

Site selection
I identified monotypic stands of the four dominant plant species—hardstem
bulrush (Schoenoplectus acutus), alkali bulrush (Bolboschoenus maritimus), pickleweed
(Salicornia rubra), and common reed (Phragmites australis)—which are wetland species
commonly valued by managers in the Great Salt Lake region (Rohal et al. 2018). I
delineated five replicate plots of each vegetation type within the Bear River Migratory
Bird Refuge, a wetland management property located along the northeast side of the
Great Salt Lake (Fig. 2.1). This site is actively managed for migratory bird and
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waterfowl habitat and contains large, Phragmites-invaded areas. The 30m × 30m plots
were dispersed throughout the Bear River Migratory Bird Refuge to best represent the
entire area and account for environmental and topographic variation across the property
(Fig. 2.1). The Refuge property consists of a diverse vegetation matrix with several
habitat types intermixed in patches of varying sizes. Therefore, some plots selected in
this study were adjacent to stands of different species of vegetation while others were
located within a larger expanse of the same vegetation type. In total, I selected 20
vegetation plots across the Refuge, which included five replicates of each of the four
dominant “habitat types”.

Arthropod field sampling methods
I assessed both the aquatic and terrestrial arthropod assemblages within these
wetlands due to their importance as avian food sources. To robustly characterize both
arthropod assemblages, I used two complementary sampling techniques, emergence traps
and flight-intercept (windowpane) traps. These trap types were most suitable given the
height and density of Phragmites and the variable water levels between plots compared
with the techniques (core, grab, and sweep net) typically use to sample aquatic habitats.
These other methods are not feasible in dense vegetation (Davies 1984). Emergence
traps primarily capture flying insects as they emerge from their aquatic, larval form,
whereas windowpane traps intercept adult arthropods as they fly through and among
patches of vegetation. I did not capture most nonemerging aquatic arthropods or some
flightless terrestrial arthropods with these trapping methods.
I constructed windowpane traps (Fig. 2.2a) similarly to those described in Gerber
et al. (2007) and constructed emergence traps following a preservative free, conical trap
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design (Fig. 2.2b) modified from the design used by MacKenzie and Kaster (2004). At
the time of sampling, I trimmed plant material to fit within the circular base of the
emergence traps to avoid damage to the trap’s netting. Stems were trimmed to a
minimum height of 5cm above the water or ground to ensure that the cut vegetation did
not impede arthropod movement into the collection net. Additionally, I suspended
windowpane traps approximately 0.5m above the ground on a PVC hanger, parallel to the
stems of vegetation.
Sampling took place June-September 2018 and 2019 but with different sampling
intensities each year. In 2018, I randomly placed three emergence and windowpane trap
pairs within the twenty dominant vegetation plots at the Bear River Migratory Bird
Refuge for one week each month. I emptied the emergence traps using a modified
handheld vacuum and collected the enclosed arthropod specimens every 48 hours. This
intensity limited loss of individuals due to death or predation. Emergence trap collections
were then pooled at the plot level and frozen. At the end of each sample period, the
windowpane collection jars containing preserved specimens were also collected and
pooled at the plot level.
The 2018 field season yielded a greater number of arthropods and more data than
initially expected. Therefore, I identified the most productive sample periods (months)
from 2018 and used this information to refine my 2019 data collection to only two
sample periods to remove fewer arthropods from the wetlands. Additionally, to further
avoid oversampling, in 2019 I set two windowpane and emergence trap pairs in each
vegetation plot rather than three.
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In June and August 2019, I randomly placed two emergence and two windowpane
traps within twenty dominant vegetation plots at the Bear River Migratory Bird Refuge.
The trap pairs were sampled following the same methods used in 2018. In both years, all
windowpane and emergence trap specimens were sorted in the lab under a dissection
microscope, identified to family or genus when possible, counted, dried for 48 hours at
60℃, and weighed (MacKenzie and Kaster 2004). I used these measurements to
calculate arthropod taxon composition, and average biomass, abundance, and taxon
richness for each trap by vegetation type. The two years were treated as separate case
studies, due to their differing sampling intensities and variable environmental site
conditions, and were adjusted for the actual number of traps from which samples could
be collected.

Site conditions
At the time of sampling, I also measured water and litter depth at the location of
each trap pair as potentially important site condition variables driving dissimilarities in
arthropod assemblages. The dense litter accumulation in Phragmites monocultures alters
both the physical and chemical conditions within these stands (Holdredge and Bertness
2011; Minchinton et al. 2006), which I hypothesized would influence the quality of
arthropod habitat. To account for the effect of water depth on arthropod assemblage
composition, I obtained a single depth measurement for each trap pair at the beginning of
every sampling period. I hypothesized that hydrologic variation between plots might
influence insect emergence and further contribute to differences in arthropod assemblages
(Whiles et al. 2001). To account for variation among plots in vegetation cover (number
of plants, amount of bare ground, etc.), I included vegetation biomass as a variable.
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Average biomass data for each of the dominant vegetation types were sourced from
Pendleton (2019) who quantified vegetation biomass (grams per m2) within these same
plots.

Analyses
I used the windowpane and emergence traps to compare arthropod assemblages
associated with each of the four, dominant, Great Salt Lake wetland habitat types.
Differences between habitat types were assessed separately for both emergence and
windowpane trap specimens because of the distinct components of the arthropod
assemblage collected from the different traps. To examine the effects of Phragmites
invasion on arthropod assemblages, I compared Phragmites samples to those collected
within the native vegetation plots. I identified any variability between assemblages by
calculating the average abundance of arthropods, average weight of dried arthropod
biomass, and average taxon richness (number of families) for each trap in every habitat
type. As a result of windowpane trap loss (cattle trampling, wind damage, flooding, etc.)
in 2018, I calculated expected taxon richness by randomly selecting a subset of the trap
data that were adjusted for the minimum number of traps from which samples could be
obtained in a habitat (56 rather than the 60 traps originally set). Differences in these
metrics were tested with analysis of variance (ANOVA) accompanied by a series of
Tukey’s Honestly Significant Difference pairwise comparison tests (Gratton and Denno
2005, Clarke and Green 1988). When necessary, data were transformed logarithmically
to meet the analysis of variance assumptions of normality and homogeneity of variance.
In addition, I used a series of multivariate analyses to identify differences between
the arthropod assemblages associated with each of the dominant habitat types.

20
Comparisons between pairs of habitat types were first conducted by calculating Bray–
Curtis dissimilarity indices using both the raw and square root transformed data for the
arthropod families identified. As multivariate analyses are often sensitive to the use of
absolute abundance data, I used the transformed arthropod abundance data (Clarke and
Green 1988). To minimize any potential skewing of Bray-Curtis dissimilarity
calculations and multivariate analysis results. From the distance indices generated from
the transformed abundance data, I constructed rank-similarity matrices and used
nonmetric multidimensional scaling (NMDS) to create graphs that display how arthropod
assemblages differed among vegetation types (beta diversity). As rare species can create
noise and complicate interpretation of NMDS results, families that appeared in fewer
than five percent of the collected samples were removed prior to distance calculations.
Each of these calculations and visualizations were run using R software with the “vegan”
package. The NMDS procedure plotted habitat types that were most alike closer together
in two-dimensional ordination space, and placed sites that were less similar farther apart
in ordination space (Gratton and Denno 2005, Oksanen et al. 2019). I performed a series
of analysis of similarities (ANOSIM) tests to assess the degree to which differences in
arthropod composition existed among vegetation types and I used the SIMPER procedure
to identify the taxa (arthropod families) that were most responsible for any differences
among habitat types (Gratton and Denno 2005, Oksanen et al. 2019).
I used preliminary, investigative statistics to identify potential relationships
between the various site conditions variables (i.e., vegetation biomass, average water
depth, and litter depth) and arthropod taxon richness, abundance, and biomass. A series
of graphical depictions of these relationships deemed formal regression and model
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selection on the arthropod and environmental data unnecessary. Conversely, each of the
site condition variables appeared to be highly related to habitat type. I therefore paired
the previously mentioned series of one-way ANOVAs with calculated measures of
central tendency and dispersion for vegetation biomass, water depth and litter depth data
in each habitat. This process allowed me to comment on the possible relationships
between arthropod assemblages and the conditions present in their respective habitats,
though these relationships were not statistically significant. Variables describing site
conditions were also overlaid on the NMDS ordination plots. Using the “envfit” function
in the vegan package, environmental vectors (e.g., water depth, litter depth, or vegetation
biomass) were calculated for each site condition variable and added to the arthropod
assemblage composition ordination plots (Oksanen et al. 2019). These vectors indicated
the direction of effect each variable had in discriminating site environments. The vector
lengths correspond to the strength of the correlation between the variable that it
represented and the composition of arthropod assemblages plotted in ordination space.

Results
2018 abundance, biomass, and taxon richness
In 2018, I captured and identified over 22,000 arthropods, with the majority of
these individuals (~16,000) collected by windowpane traps. ANOVA showed that both
arthropod average biomass and abundance in windowpane traps were substantially
greater in S. rubra than the other three habitat types (Fig. 2.3a, 2.3b, see appendix Table
A.5). However, despite higher abundance and biomass in S. rubra windowpane trap
samples, expected arthropod taxon richness (based on a subsample of 56 traps from each
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habitat type) did not differ significantly between Phragmites and one of the native
habitats, S. acutus (Fig. 2.3e, see appendix Table A.5).
In 2018, I captured and identified over 5,500 individual arthropods in emergence
trap samples across all habitat types. ANOVA tests showed that average abundances in
S. rubra as well as Phragmites trap samples were significantly lower than the other two
native habitat types and samples further differed between Phragmites and S. rubra (see
appendix Table A.5). Additionally, average biomass was considerably lower in S. rubra
than the other habitat types (Fig. 2.3b & 2.3d, see appendix Table A.5). Emergent
arthropod taxon richness was also substantially lower in S. rubra (see Table A.5) and the
average expected number of arthropod families captured in emergence traps placed in S.
acutus differed from B. maritimus and Phragmites samples (Fig. 2.3f, see appendix Table
A.5).

2018 arthropod assemblage composition
NMDS ordination on 2018 windowpane trap data placed Phragmites, B.
maritimus, and S. acutus close together in ordination space (Fig. 2.4a), suggesting that
these three habitat types supported arthropod assemblages that were most similar to each
other. These similarities were evident given the degree to which polygons delineating
vegetation groups overlapped within ordination space (Fig. 2.4a). Despite their
overlapping polygons and proximity in ordination space, the analysis of similarities
(ANOSIM) procedure indicated that composition of arthropod assemblages varied
between habitat types (R=0.5, p=0.001). Specifically, the composition of windowpane
samples in S. rubra was the most different from other habitat types, with more
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dissimilarities between S. rubra and Phragmites and S. rubra and S. acutus than between
the other habitat types (Fig. 2.4a).
NMDS plots placed all habitat types near each other in ordination space based on
their emergent arthropod assemblages. This indicated that the habitat types did not differ
substantially in their arthropod assemblage taxon composition. Instead, the spread and
shape of the polygons delineating vegetation groups suggested a large amount of within
site variability. Due to this variability, the ANOSIM procedure on emergence trap
assemblage data indicated some differences in emergent arthropod assemblages between
habitat types (R=0.3, p=0.001, Fig. 2.4b).
A pairwise comparison of mean Bray-Curtis dissimilarity indices indicated high
variability within and between habitat types (Table 2.1a). Between site variability (beta
diversity) in windowpane trap samples was greatest between S. rubra and Phragmites
and lowest between S. acutus and B. maritimus (Table 2.1a). Mean dissimilarity
comparisons suggested high dissimilarity in emergence trap arthropod assemblages
between all habitats with the greatest differences within S. rubra plots and between S.
rubra and all other vegetations types (Table 2.1). The SIMPER procedure, which
identified the taxa that were most responsible for these differences, showed that in
windowpane traps, chironomids (often found in S. acutus and B. maritimus habitats),
anthicids (S. rubra), staphylinids (S. rubra), muscids (P. australis), aphidids (P.
australis), carabids (S. rubra) and ephydrids (P. australis) most significantly contributed
to differences in arthropod assemblages (see appendix Table A.1). Chironomids (B.
maritimus and S. acutus), ephydrids (P. australis and S. acutus), and muscids (S. acutus)
were also responsible for differences in emergence trap samples, as were baetids (B.
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maritimus), dolichopodids (S. acutus and P. australis), culicids (P. australis), chloropids
(S. acutus), and gnaphosids (P. australis) (see appendix Table A.1).
2018 site conditions and vegetation structure
Deviation of water depths within a habitat and differences in average water depths
between habitat types indicated regular manipulation of hydrologic regime by managers
on the Bear River Migratory Bird Refuge. In addition, average water and litter depth
measurements, as well as vegetation density, appeared to be strongly related to the plant
species present in each habitat. Site condition variables were likely dependent on the
specific vegetation structure and growth requirements of each of the dominant plant
species (see appendix Table A.3) and the influence of these variables on arthropod
assemblage biomass, abundance, and taxon richness is therefore difficult to distinguish
from the effect of vegetation type.
In 2018, the different habitat types, with their corresponding vegetation biomass,
water depths, and litter depths, contributed to dissimilarities between windowpane trap
arthropod assemblage composition (Fig. 2.4a). Arthropod assemblages associated with S.
rubra were found at lower water depths and assemblages associated with Phragmites and
S. acutus were found in habitats with higher water levels. Similarly, S. rubra arthropod
assemblages were associated with less vegetation biomass and litter whereas Phragmites
assemblages were associated with greater litter and biomass (Fig. 2.4a). Emergent
arthropod assemblages did not appear to be strongly associated with changes in either
litter depth or water depth, but assemblages were associated with differences in
vegetation biomass (Fig. 2.4b). Phragmites and S. acutus arthropod assemblages were

25
associated with higher vegetation biomass and S. rubra assemblages with lower
vegetation biomass (Fig. 2.4b, see appendix Table A.3).
2019 abundance, biomass, and taxon richness
In 2019, I captured and identified fewer, approximately 18,000, arthropods using
the less intensive survey approach. Of these individuals, the majority were again
captured with windowpane traps (~12,300). ANOVA results showed that arthropod
abundance and biomass captured in windowpane trap samples were significantly greater
in S. rubra relative to the other habitat types, whereas the other dominant habitats did not
differ significantly from each other (Fig. 2.5a, 2.5c, see appendix Table A.6). Similarly,
arthropod taxa richness in each windowpane trap was substantially greater in S. rubra
than the other habitat types in 2019, whereas taxa richness did not differ between S.
acutus, Phragmites and B. maritimus habitats (Fig. 2.5e, see appendix Table A.5).
In 2019, I captured and identified over 4,000 individual arthropods in emergence
trap samples. ANOVA results showed that average emergent arthropod biomass per trap
was significantly lower in S. rubra than in S. acutus, but was not substantially different
between Phragmites and B. maritimus (Fig. 2.5b, see appendix Table A.5). Emergent
arthropod abundance was higher in Phragmites traps than in S. rubra or B. maritimus,
though not statistically different (Fig. 2.5d) and emergent trap average taxon richness was
lower in S. rubra than in Phragmites, S. acutus, and B. maritimus, in this year (Fig. 2.5f,
see appendix Table A.5).
2019 arthropod assemblage composition
NMDS plots displaying 2019 windowpane trap assemblage data placed
Phragmites, S. maritimus, and S. acutus close together in ordination space, suggesting
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that these three habitat types supported arthropod assemblages that were similar to each
other. The ANOSIM procedure indicated that there were differences between these
habitat types (R=0.3, p=0.001), but assemblages in S. rubra were substantially different
than those observed in the other habitat types (Fig. 2.6a).
NMDS plots also placed all habitat types near each other in ordination space
based on their 2019 emergent arthropod assemblages (Fig. 2.6b). However, a few
observations contributed to greater variability within S. rubra plots and to dissimilarities
between this habitat and other habitat types. NMDS plots illustrate this variability
through the wide spread of the polygon delineating S. rubra’s emergent arthropod
assemblage (Fig. 2.6b). The ANOSIM procedure indicated that there were more
differences between habitat types than within habitats (R=0.1, p=0.001), but that these
differences were small.
Pairwise comparisons of mean Bray-Curtis dissimilarity indices calculated for
both windowpane and emergence traps samples in 2019 also indicated high variability
within as well as between habitat types (Table 2.2). Dissimilarities in windowpane trap
arthropod assemblages were greatest between S. rubra and S. acutus and between S.
rubra and Phragmites. Conversely, windowpane trap arthropod assemblages in S. acutus
and Phragmites were the most similar in composition (Table 2.2a). Mean dissimilarity
indices suggested higher dissimilarity between emergence trap arthropod assemblages in
S. rubra and all vegetation types as well as between S. acutus and B. maritimus (Table
2.2b). Within-habitat type variability was often lower than the variability between
habitats but was high among all types (Table 2.2b).
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In 2019, the most common families identified by the SIMPER procedure
associated with differences in windowpane trap assemblages were: Chironomidae (P.
australis and B. maritimus), Carabidae (S. rubra), Anthicidae (S. rubra), Tetragnathidae
(P. australis), Ephydridae (P. australis), and Staphylinidae (S. rubra) (see appendix
Table A.2). The families most responsible for differences in emergent arthropod
assemblages were Chironomidae (P. australis and S. rubra), Ephydridae (P. australis),
Dolicopodidae (S. acutus), Sphaeroceridae (S. rubra), and Limoniidae (S. acutus) (see
appendix Table A.2).
2019 site conditions and vegetation structure
In 2019, average water depth and the deviation of water depths in the different
habitat types once again reflected the regular manipulation of hydrologic regime by
managers on the Refuge. In addition, average water depth, litter depth and vegetation
biomass each appeared to be correlated with habitat type (see appendix Table A.4).
As in 2018, vegetation biomass and water depth were associated with
dissimilarities between windowpane trap arthropod assemblages (Fig. 2.6a).
Schoenoplectus acutus arthropod assemblages were found in areas with deeper water and
higher amounts of vegetation biomass and litter and S. rubra arthropod assemblages were
associated with less water, litter, and vegetation biomass (Fig. 2.6a). Each of these
relationships can be easily explained by the structure, growth form, and habitat
preferences of each of the dominant vegetation types and the influence of these
vegetation types on the arthropod assemblage present.
Water depth, litter depth, and vegetation biomass were not clearly associated with
differences in emergence trap arthropod assemblages (Fig. 2.6b). As habitat type did not
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appear to greatly influence emergent arthropod assemblage composition in 2019, a
relationship between the site condition variables and arthropod assemblage composition
was not evident (Fig. 2.6b).

Discussion
Arthropod assemblages in native and invasive vegetation
Wetlands are highly valued for the habitat they provide for both aquatic and
terrestrial food webs. Arthropods are a critical component of these wetland food webs
(Batzer et al. 2007), specifically offering an important food source for diverse bird
species (Cavitt 2007). I sought to determine how arthropod assemblages differ among
dominant native habitat types and Phragmites, as arthropod biomass, abundance, taxon
richness, and composition likely vary across the different dominant habitat types
(Schaffers et al. 2008; Meyerson et al. 2000). I initially predicted that arthropod
assemblages would differ substantially among the three, native habitat types. My results
confirmed this hypothesis and highlighted several arthropod assemblage dissimilarities
between each of the native habitats included in this study. In addition, I hypothesized
that arthropod assemblages in invasive Phragmites stands would differ significantly from
native vegetation assemblages. My results indicated that arthropod biomass, abundance
and taxon richness found in Phragmites were often similar to the two native habitat
types—S. acutus and B. maritimus. However, a third native plant species, S. rubra,
provided a substantially different arthropod habitat in which biomass, abundance, and
taxon richness were often substantially different from the other habitat types. These
results suggest that the presence of Phragmites alone does not necessarily result in poor
quality habitat for arthropods but that other factors, such as site condition variables and
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vegetation structure, also likely contribute to arthropod habitat preference. Therefore, in
wetlands managed for bird habitat, it is imperative that managers both recognize how
arthropods are using native and non-native vegetation as well as understand the influence
of both the unique abiotic and biotic conditions present in each wetland habitat type on
arthropod assemblages.

Salicornia rubra patches provide distinct arthropod habitat
In a heterogeneous environment, several ecological processes may influence
wildlife habitat preference. Both vegetation structure and abiotic environments have
been linked to arthropod species diversity and taxonomic composition (Joern 1982; Levin
et. al 2002), suggesting that sites with favorable conditions and structure may be
“hotspots” of arthropod activity as well as diversity (Schowalter 2000). On large
geographic scales, biodiversity hotspots are commonly used to help set conservation
priorities (Mittermeier et al. 2011; Myers 2000; Reid 1998). Similarly, on a smaller scale
(e.g. a single habitat type within a specific wetland complex) attention to these hotspots
of arthropod activity and diversity can provide information on the value of certain
habitats for native wildlife.
Salicornia rubra provided a hotspot of arthropod activity, which was evident by
the higher in abundance and biomass captured in windowpane traps in this habitat.
However, S. rubra also provided poor emergent arthropod habitat relative to the other
habitat types. Salicornia rubra is a small, salt-tolerant, succulent species that grows in
temporarily saturated to shallowly flooded playa mudflat wetlands (Downard et al.2017).
Our results suggest that patches of S. rubra habitat may provide refuge for arthropods
across otherwise sparsely-vegetated playa landscapes. Furthermore, the increased
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abundance, biomass, and high taxon richness captured in windowpane traps indicate that
the vegetation structure of S. rubra likely allows for more flying insect movement within
this vegetation type and may create arthropod corridors between other habitats.
However, more research is needed to assess use of S. rubra as well as the specific
conditions created by these microhabitats to further explain the increased arthropod
activity observed in this vegetation type (see Rand 2002 & 2003 for examples of
herbivore use of other Salicornia species).

Effects of Phragmites and site conditions
As various factors influence wildlife habitat selection, both vegetation structure
and site conditions may contribute to arthropod habitat preference (Arnold and Ormerod
1997; Jellinek et al. 2013; Schaffers et al. 2008; Schowalter 2000). This study provided
new insight into the relationships between arthropods and the dominant habitat types
found in Great Salt Lake wetlands. Vegetation type was regularly a driver of arthropod
biomass, abundance, and taxon richness differences and appeared to also determine the
site condition variables present in each habitat. This finding suggests that, although many
of the same arthropod families appeared in all of the habitat types, the plant species
present and their corresponding litter depths, biomass, and preferred hydrologic regime
likely influence arthropod assemblages. While I investigated the role of three site
conditions, additional variables (e.g., vegetation height, salinity, pH) may also be
significant predictors of arthropod assemblage attributes and should be considered in
future studies to better assess drivers of arthropod assemblage dissimilarities.
As many shorebirds, songbirds, and waterfowl are generalists that consume a
wide variety of arthropods (Cavitt 2007), differences in arthropod assemblage
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composition do not necessarily imply negative effects on avian food availability. More
information on both avian and arthropod diets in wetlands is needed to address these
specific trophic interaction questions. In the eastern United States, several arthropods
have been observed in Phragmites vegetation (Kiviat 2013,2019). However, arthropod
assemblages are poorly documented in Phragmites vegetation in the western United
States and the effects of this invasion on native arthropod assemblages in the region are
unclear. This study provides critical baseline data on the arthropod avian food sources
found in wetlands and identifies significant differences between the arthropod
assemblages associated with both native and invasive plant-dominated habitats. Despite
modest assemblage dissimilarities, arthropod assemblage data from this study indicated
that arthropod abundance, biomass, and taxon richness are comparable between
Phragmites and native S. acutus and B. maritimus habitats. These similarities suggest
that the presence of Phragmites alone does not necessarily decrease arthropod activity or
emergence within invaded wetlands. In general, these results support the idea that
invasive species may still provide valuable wildlife habitat and challenge the common
assumption that invasive plant species invasions inherently result in poor wildlife habitat
(Kiviat 2013; Weis and Weis 2003). Phragmites monocultures have the potential to
outcompete native vegetation and alter the composition, structure, and functions of
wetlands. However, when part of a wetland with a diversity of vegetation patches,
Phragmites does not necessarily negatively affect arthropod assemblages.
Conclusions and Management Recommendations
Invasive plant species can significantly alter the structure and function of the
ecosystems that they invade. Such alterations may limit the resources available to local
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wildlife and cause disruptions in trophic interactions within invaded systems (Gratton and
Denno 2005, 2006). With many of the world’s most aggressive invaders documented in
wetlands, these unique habitats are particularly vulnerable to the potential effects that
follow the replacement of native plant species by an invasive (Zedler and Kercher 2004).
Many resident and migratory birds are highly dependent on wetlands and the shelter and
resources that they provide (Ma et al. 2010; O’Neal et al. 2008). However, differences in
the avian arthropod food sources associated with native and invasive vegetation in
wetlands are largely unknown. Phragmites australis is a wetland invader that has
recently experienced unprecedented expansion across North America (Kettenring et al.
2012; Lambertini et al. 2012; Meyerson et al. 2010). In my analysis of arthropods in
Great Salt Lake wetlands, arthropod emergence and activity recorded in different
dominant habitat types imply that invasive Phragmites provides habitat for both
emerging aquatic and adult terrestrial arthropods. Furthermore, my results highlighted
the importance of a single native species, S. rubra, for providing terrestrial arthropod
habitat and facilitating arthropod movement within and between habitats. In general,
observed differences and similarities in arthropod assemblages between Great Salt Lake
wetland habitats were often best explained by a combination of vegetation type and
species-specific water and litter depth measurements, suggesting that arthropod habitat
quality is not determined by vegetation type alone.
The results of this study have several management implications for wetlands. In
Great Salt Lake wetlands specifically, the management of areas for low-growing,
emergent plant species and regular water inundation may maximize arthropod abundance,
biomass, and diversity by encouraging both arthropod emergence and movement.
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Additionally, this study highlights the significance of S. rubra as valuable arthropod
habitat to be preserved in the Great Salt Lake region. In other North American wetlands
managed for bird habitat, it is imperative that managers recognize that arthropods may be
using both native and invasive vegetation habitats. Furthermore, an understanding of the
various abiotic site conditions associated with each vegetation type and their influence on
arthropod assemblages should be used to select the best management approaches. By
using both vegetation type and site condition criteria to manage for preferred arthropod
habitat, wetland managers can help preserve arthropod avian food sources and create
essential bird foraging habitat within these ecosystems.
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Tables and Figures
Table 2.1 Mean Bray-Curtis dissimilarities between habitat types based on 2018
abundance data for the two trap types. High values indicate greater dissimilarity between
or within habitats while lower values indicate similarity
(a) Windowpane trap samples
B. maritimus
Phragmites
B. maritimus
0.67
-Phragmites
0.69
0.62
S. acutus
0.68
0.64
S. rubra
0.72
0.76
(b) Emergence trap samples
B. maritimus
Phragmites
B. maritimus
0.66
-Phragmites
0.73
0.68
S. acutus
0.72
0.69
S. rubra
0.83
0.82

S. acutus
--0.60
0.71

S. rubra
---0.54

S. acutus
--0.64
0.85

S. rubra
---0.82

Table 2.2 Mean Bray-Curtis dissimilarity matrix calculated using 2019 abundance data
for the two trap types. High values indicate greater dissimilarity between or within
habitats while lower values indicate similarity
(a) Windowpane trap samples
B. maritimus Phragmites
B. maritimus 0.67
-Phragmites
0.67
0.63
S. acutus
0.70
0.67
S. rubra
0.69
0.73
(b) Emergence trap samples
B. maritimus Phragmites
B. maritimus 0.79
-Phragmites
0.80
0.75
S. acutus
0.81
0.78
S. rubra
0.87
0.85

S. acutus
--0.70
0.77

S. rubra
---0.57

S. acutus
--0.76
0.87

S. rubra
---0.88
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Fig. 2.1 Map displaying the Great Salt Lake, Utah, U.S.A and the U.S. Fish & Wildlife
Service’s management boundary of selected study site (Bear River Migratory Bird
Refuge)
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(a)

(b)

Fig. 2.2 Images of (a) hanging, four-dimensional, flight-intercept (windowpane)
arthropod trap and (b) conical, preservative-free, emergence trap (0.24 m2 diameter base,
approximately 1m in height) used in this study
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Fig. 2.3 Differences in 2018 arthropod assemblages: average abundance per trap by
vegetation type in (a) windowpane traps and (b) emergence traps; average arthropod
biomass per trap by vegetation type in (c) windowpane traps and (d) emergence traps;
and average expected taxon richness (number of families) per trap by vegetation type in
(e) windowpane traps and (f) emergence traps. Letters above bars (a,b,c) indicate
significant differences (Tukey’s Honestly Sig. Diff. test α <0.05)
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(a)

(b)

Fig. 2.4 NMDS plots displaying between-site rank-similarity matrices for (a)
windowpane (stress: 0.24) and (b) emergence trap (stress: 0.23) samples created using
Bray-Curtis distance calculations based on transformed arthropod abundances in 2018.
Distance between points represents the degree of similarity/dissimilarity of arthropod
assemblages between vegetation types (points closer together have more similar species
assemblages). Polygons connect outermost (most dissimilar) assemblages for each
vegetation type and significant site conditions are plotted as vectors
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Fig. 2.5 Differences in 2019 arthropod assemblages: average abundance per trap by
vegetation type in (a) windowpane traps and (b) emergence traps; average arthropod
biomass per trap by vegetation type in (c) windowpane traps and (d) emergence traps;
and average taxon richness (number of families) per trap by vegetation type in (e)
windowpane traps and (f) emergence traps. Letters above bars (a, b, c) indicate
significant differences (Tukey’s Honestly Sig. Diff. test α <0.05)
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(a)

(b)

Fig. 2.6 NMDS plots displaying between-site rank-similarity matrices for (a)
windowpane (stress: 0.22) and (b) emergence trap (stress: 0.17) samples created using
Bray-Curtis distance calculations based on transformed arthropod abundances in 2019.
Distance between points represents the degree of similarity/dissimilarity of arthropod
assemblages between vegetation types (points closer together have more similar species
assemblages). Polygons connect outermost (most dissimilar) assemblages for each
vegetation type and significant site conditions are plotted as vectors
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CHAPTER III
DIFFERENCES IN ARTHROPOD ASSEMBLAGES FOLLOWING COMMON
PHRAGMITES MANAGEMENT APPROACHES AND NATIVE
VEGETATION RECOVERY

Abstract
Wetlands provide essential habitat for native wildlife, including a variety of
resident and migratory birds. Invasive plant species have the potential to affect wetland
species composition, structure and function, and can disrupt trophic interactions within
these systems. Specifically, invasive plants may significantly alter wetland arthropod
assemblages on which bird populations rely. Although invasive species removal and
revegetation efforts can help to recover native plant species, there are few quantitative
studies that describe terrestrial assemblage differences between invasive plants and
revegetated areas in wetlands. Furthermore, few studies highlight any differential effects
that various common restoration methods may have on wetland arthropod assemblages.
An invasive grass species, Phragmites australis (common reed), is an aggressive invader
in wetlands surrounding the Great Salt Lake, Utah, U.S.A. Phragmites outcompetes
native vegetation and negatively affects continentally critical bird habitat. There is now
evidence to suggest that Phragmites does not represent poor arthropod habitat in Great
Salt Lake wetlands. However, understanding the effects of Phragmites removal and
common restoration methods on arthropods is a critical component of recognizing how to
best manage these wetlands for bird use. Therefore, this study examined arthropod
responses to Phragmites removal and native plant reestablishment within previously
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invaded wetlands and assessed the role of different restoration approaches in determining
arthropod biomass, abundance, taxon richness, and assemblage composition. I achieved
these objectives through the use of two separate case studies. In 2018, I compared
wetland arthropod assemblages between actively revegetated treatments and unseeded
control plots at Farmington Bay Waterfowl Management Area, Utah. U.S.A. The
following year, arthropod assemblages were compared between Phragmites stands and
current restoration areas at the nearby Harold Crane Waterfowl Management Area. My
results indicated that restoration method did not significantly influence the arthropod
assemblages found within wetlands, though Phragmites removal and native plant
reestablishment substantially increased arthropod biomass, abundance, and assemblage
composition. Identifying the ways in which arthropods respond to restoration efforts in
wetlands is critical to recognizing how to best manage these habitats for bird use. My
results suggest that efforts to actively revegetate wetlands following Phragmites removal
are not always necessary for the creation of habitat for arthropods that provide food to
birds. In wetlands experiencing changes in arthropod assemblages following invasive
species removal, arthropod biomass, abundance, and assemblage composition may serve
as valuable assessment metrics for quantifying avian food availability and determining
restoration success.

Introduction
Nonnative invasive species are a significant threat to global biodiversity (Bartz
and Kowarik 2019; Schirmel et al. 2016). Invasive plants often outcompete native
vegetation and substantially alter the structure, composition, function, and services of the
ecosystem that they invade (Lodge et al. 2006; Wu et al. 2008). As a result, methods of
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controlling invasive plant species and restoring native habitats are now at the center of
natural resource management efforts around the world (Weinstein et al.1997; Zavaleta et
al. 2001; Zhao et al. 2016). The reestablishment of native plants through invasive species
removal is becoming a common tool used to recover ecosystems (Weinstein et al. 1997;
Zavaleta et al. 2001). However, to understand the best management approach for an
invaded system, we must first recognize how the invading species interacts with resident
wildlife and not just native vegetation (Vilà et al. 2011). As a shift from native to
nonnative invasive plant species can significantly alter the resources that are available for
local wildlife and disrupt trophic interactions within an ecosystem (David et al. 2016;
Gratton and Denno 2005; Gratton and Denno 2006), an understanding of invader effects
on both native flora and fauna is needed. Furthermore, it is equally vital that we
recognize the role of invasive species removal and restoration approach on the recovery
of each of these native assemblages. The current tendency to focus on native plant
reestablishment as the only metric of restoration success fails to account for the response
of other native assemblages or abiotic conditions to restoration efforts (Matthews 2009;
Zhao et al. 2016). By restoring and monitoring native vegetation, site conditions, as well
as wildlife recovery, we can best recognize the efficacy of common invasive plant
management and ecosystem restoration approaches (Matthews 2009; Moreno-Mateos et
al. 2012; Zedler and Callaway 2000).
Wetlands are particularly vulnerable to the impacts of invasive plants, with many
of the world’s most aggressive species found in wetlands (Zedler and Kercher 2004).
The introduction of an invasive species can alter wetland vegetation structure and
composition (Traveset and Richardson 2006; Zedler and Kercher 2004; Zedler and
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Kercher 2005). These alterations can significantly influence the amount of habitat
available for wetland wildlife (Hooper et al. 2005). One common wetland invader,
Phragmites australis (hereafter Phragmites), is capturing continental attention for its
ability to rapidly spread through multiple modes of dispersal and outcompete native
vegetation in wetlands across North America (Ailstock et al. 2001; Kettenring et al. 2011;
Kettenring et al. 2012; Lambertini et al. 2012; Meyerson et al. 2010). Eurasian
Phragmites expanded throughout North American wetlands at an unprecedented rate
within the last 150 years (Saltonstall 2002). Phragmites establishes expansive
monocultures within invaded wetlands and create thick litter layers that prohibit the
growth of native plants (Ailstock et al. 2001; Holdredge and Bertness 2010; Kettenring et
al. 2011; Kettenring et al. 2016). As a result, wetlands invaded by Phragmites often
experience reductions in overall plant diversity, structural complexity, and native wildlife
habitat (Ailstock et al 2001; Tulbure et al. 2007). In North America, Phragmites-invaded
wetlands are typically considered to support low diversity of fauna and to provide poor
quality habitat for native wildlife (Meyerson et al. 2000; Roman et al.1984). Specifically,
some studies have shown that bird (Raichel et al. 2003; Robichaud et al. 2017), turtle
(Cook et al. 2018), macroinvertebrate (Warren et al. 2001; Whyte et al. 2008), and fish
(Able et al. 2003; Dibble et al. 2013; Raichel et al. 2003; Warren et al. 2001) populations
may be negatively impacted by Phragmites invasion. In addition, despite some reported
use of Phragmites by arthropods in the eastern United States (Gratton and Denno
2005,2006; Kiviat 2013, 2019), there are little data on arthropod biomass, abundance,
density or diversity of Phragmites stands in western regions.
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In the Great Salt Lake region in Utah, U.S.A, Phragmites currently threatens tens
of thousands of acres of wetland habitat (Kettenring et al. 2012; Long et al. 2017, IWJV
2013). The numerous submergent, emergent, and playa wetlands bordering the Great
Salt Lake—a large, hyper-saline lake in the western United States—comprise over 75%
of all wetlands in the state of Utah and offer critical habitat for migratory birds and
waterfowl passing through the region along the Pacific and Central Flyways each year
(Downard et al. 2017; Evans and Martinson 2008; IWJV 2013; Roberts 2013). Native
emergent vegetation within the wetlands provides protection for birds while they feed on
various seeds and invertebrates and creates valuable bird nesting and staging habitat
(IWJV 2013; Johnson 2007; Roberts 2013). However, rapid conversion of native
vegetation to Phragmites monocultures currently threatens this critical bird habitat. For
this reason, Great Salt Lake wetland managers currently use a combination of herbicide
application and either burning, mowing, grazing, or crushing of Phragmites biomass to
remove Phragmites and encourage native plant growth (Rohal et al. 2018).
Although current restoration efforts help to reestablish native plant assemblages
within Great Salt Lake wetlands, the extent to which Phragmites invasion and current
restoration efforts affect avian food resource availability is unknown. As arthropods
offer an important food source for wetland birds (Cavitt 2007; Richards 2014),
identifying how arthropods respond to both invasion and restoration events within these
wetlands is central to understanding how to restore bird habitat. In chapter two, I
identified differences in arthropod assemblages between Phragmites and native
vegetation areas in Great Salt Lake wetlands and concluded that Phragmites and two
native bulrush species, S. acutus and B. maritimus, do not provide significantly different
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arthropod habitat. In this chapter, I describe two separate case studies in which I first
investigated the role of restoration approach in determining the arthropod assemblages
found in one Great Salt Lake wetland site and then examined how Phragmites removal
and the reestablishment of native vegetation affects arthropod abundance, biomass, taxon
richness, and assemblage composition within previously invaded wetlands at a second
location. In both case studies, I also sought to determine the influence of specific site
abiotic conditions (i.e. litter depth and hydrologic gradient) on the arthropod assemblages
associated with each of my study areas.
Previous studies suggest that arthropod assemblages in wetlands following the
removal of Phragmites and the reestablishment of native plant assemblages may be
indistinguishable from uninvaded native habitats (Gratton and Denno 2005). However,
little data exist on the influence of restoration method on the recovery of arthropod
assemblages following Phragmites removal. In Great Salt Lake wetlands, revegetation
efforts following Phragmites removal have involved either the active seeding or passive
reestablishment of several dominant, native plant species (Rohal et al. 2018). As active
revegetation efforts help facilitate a more rapid return of native plant species, I predicted
that actively revegetated areas would also see rapid changes in arthropod assemblages
and support higher arthropod biomass, abundance, and taxon richness relative to areas
where no active revegetation efforts occurred. Regardless of restoration approach, I
anticipated that abiotic site conditions (i.e., litter depth and hydrologic gradient) and
vegetation structure would differ between Phragmites stands and restoration areas and
that these conditions may contribute to arthropod habitat use. Therefore, I hypothesized
that the removal of Phragmites and the return of native plant species would increase
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arthropod biomass, abundance and taxon richness and that arthropod assemblage
composition would differ substantially between revegetated wetlands and Phragmites
stands.

Methods and Materials
Site selection and study design
In 2018 and 2019, I assessed arthropod assemblages at two Great Salt Lake
wetland sites that are managed for bird habitat in a similar manner. The sites,
Farmington Bay and Harold Crane Waterfowl Management Areas (Fig. 3.1), were treated
as two separate case studies with the sampling conducted at each site in separate years.
In 2018, to assess if restoration approach determines the arthropod assemblages present
succeeding Phragmites removal, I compared sites at Farmington Bay following two
different common restoration methods—active revegetation and passive native plant
reestablishment. Like many wetland management areas in the region, this site contained
large patches of Phragmites and is actively managed for migratory bird and waterfowl
habitat. The five replicate treatment plots were actively revegetated plots sprayed with a
mixture of tackifier and a native seed mix and the five, replicate untreated control plots
were unseeded plots in which native plant species returned without intervention. In both
treatment and control plots, Phragmites was previously treated with herbicide and the
remaining vegetation biomass was mechanically rolled and crushed. As there are
currently no large-scale actively revegetated areas in Great Salt Lake wetlands, my plots
at Farmington Bay were placed within small, 15x10m, experimental restoration plots that
were previously delineated as part of a previous revegetation study (Emily Tarsa, Utah
State University, unpublished data).
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In 2019, I investigated the role of Phragmites removal and native plant
revegetation on arthropod assemblages in Great Salt Lake wetlands by comparing
Phragmites-invaded areas to ongoing restoration sites at Harold Crane Waterfowl
Management Area (Fig. 3.1). The restoration sites selected for this case study
exemplified successful passive native vegetation recovery following consecutive years of
herbicide application, burning and grazing of Phragmites (Keith Hambrecht and Rich
Hansen, Utah Department of Wildlife Resources, per. obs.). I delineated five, replicate
30m x 30m plots of both Phragmites-invaded and passively revegetated treatments on the
northern portion of the property to limit variability in site conditions between each plot
and habitat type.

Arthropod field sampling methods
I assessed both aquatic and terrestrial Great Salt Lake arthropod assemblages in
2018 and 2019 as possible avian food sources. To fully characterize both components of
the arthropod assemblages, I used two complementary trapping techniques—emergence
and flight-intercept (windowpane) traps. These traps were used as they were best suited
for the conditions present and provided data that could be compared to my findings from
chapter two, in which I compared the arthropod assemblages found in dominant Great
Salt Lake vegetation habitats. More conventional aquatic arthropod sampling techniques
are not possible in dense wetland vegetation (Davies 1984). Emergence traps are easily
placed over vegetation and capture adult arthropods as they emerge from their larval
stage. Windowpane traps capture adult primarily flying insects as they pass through the
wetland vegetation. The conical, preservative-free emergence traps (Fig. 3.2b) followed
a similar design to the traps used by MacKenzie and Kaster (2004) and the hanging
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windowpane traps (Fig. 3.2a) in this study were modified from the Gerber et al. (2007)
design.
In 2018, for one week each month (June through September) I randomly placed a
single pair of traps, one emergence and one windowpane trap, within each Farmington
Bay plot. At the time of trap placement, to avoid damage to the trap nets, I trimmed the
tops of any vegetation that did not easily fit within the circular base of the emergence
traps. In addition, PVC hangers were placed within the vegetation to suspend the
windowpane traps approximately one-half meter above the ground. To minimize any loss
caused by predation or death of individuals, I used a modified handheld vacuum to
remove any arthropods captured in emergence traps every 48 hours during the four
sampling periods. Emergence trap samples were combined for each plot and frozen prior
to processing. Windowpane trap collection jars containing preserved arthropods were
removed at the end of each sample period. In 2019, I repeated this process in Phragmites
and restoration plots at Harold Crane Waterfowl Management Area. Due to larger plot
size, each plot contained two trap pairs in this case study. In addition, the 2018 field
season produced a greater number of arthropods and more data than expected. Therefore,
to avoid oversampling, I refined my 2019 data collection to two sampling periods (June
and August).
At both sites, all arthropods captured in emergence and windowpane traps were
sorted in the lab, identified to family, counted, dried for 48 hours in a drying oven at 60
degrees Celsius, and weighed (MacKenzie and Kaster 2004). These measurements
allowed me to estimate arthropod biomass, abundance, taxon richness and assemblage
composition for each plot. I used these metrics to compare Farmington Bay treatment
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and control plots in 2018 as well as Harold Crane Phragmites monocultures to passively
revegetated areas in 2019.

Site condition measurements
In both 2018 and 2019, I recorded a subset of the site conditions present in each
plot type. Both water and litter depth were measured at the location of the trap pairs
within all plots and included in my analyses as possible covariates influencing the
observed arthropod assemblages. As the thick litter layer associated with Phragmites
stands can alter the physical and chemical conditions within an invaded area (Holdredge
and Bertness 2011; Minchinton et al. 2006), I hypothesized that litter would also affect
arthropod habitat quality. In addition, I predicted that hydrologic variation may affect
emergent arthropod assemblages (Whiles et al. 2001). Therefore, both water and litter
depth measurements were recorded for each trap pair at the beginning of each sampling
period.

Analyses
I used analysis of variance (ANOVA) to test for differences in arthropod
assemblages between treatment and control plots in 2018 and between Phragmites and
restoration plots in 2019, transforming data when appropriate (i.e., log or square-root) to
meet necessary assumptions (Clarke and Green 1988). The response variables evaluated
were average abundance of arthropods, weight of dried arthropod biomass, and taxon
richness (number of families) captured in emergence and windowpane traps in each plot
type.
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In addition, I used multivariate ordination analyses to identify differences
between the arthropod assemblages found in treatment and control plots at Farmington
Bay and between Phragmites and active restoration plots at Harold Crane. I first
calculated Bray-Curtis distance indices based on relative abundance data from each plot
and compared each pair of habitat types. As multivariate analyses are sensitive to the use
of absolute abundance data, I transformed absolute abundances using a square-root
transformation. The transformed data minimized any skewing of Bray-Curtis values.
From the Bray-Curtis values generated from these data, I used nonmetric
multidimensional scaling (NMDS) to create ordination plots that displayed how
assemblages from different treatments differed from one another (beta diversity) for both
emergence and windowpane trap samples. NMDS ordinations plot habitat types that
support similar assemblages closer together, and plots with different assemblages farther
apart in ordination space (Oksanen et al. 2019, Gratton and Denno 2005). As rare
species can complicate interpretation of NMDS results, uncommon taxa that appeared in
fewer than five percent of my samples were removed prior to distance calculations (Poos
and Jackson 2012). I also performed analysis of similarities (ANOSIM) tests to assess if
assemblage composition differed between treatments at Farmington Bay and Harold
Crane, and I used the SIMPER procedure to identify which taxa (arthropod families)
most strongly contributed to significant differences between treatments (Oksanen et al.
2019, Gratton and Denno 2005). All calculations and graphs were generated with R
software within the vegan package.
To determine if water depth or litter depth were associated with arthropod taxon
richness, abundance, and biomass, I used a preliminary, investigative statistics approach
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to highlight any relationships between the various site conditions variables (i.e., average
water depth, and litter depth) and arthropod taxon richness, abundance, and biomass. A
series of graphical depictions of these potential relationships deemed formal regression
on the arthropod and environmental data unnecessary. Therefore, I instead paired a series
of one-way ANOVAs with calculated measures of central tendency and dispersion for
water depth and litter depth data in each habitat at both the Farmington Bay and Harold
Crane properties. This process allowed me to comment on any possible relationships
between arthropod assemblages and the conditions present in their respective habitats.
Furthermore, using the “envfit” procedure in the vegan package, vectors (e.g., water
depth or litter depth) were calculated for each variable and overlaid on to the arthropod
assemblage composition ordination diagrams. These vectors identified the magnitude
(length of vector) and direction (arrow) of these associations (Oksanen et al. 2019).

Results
Farmington Bay Waterfowl Management Area
Arthropod assemblages
ANOVA indicated that there were no significant differences (α >0.05) in both
windowpane and emergent trap arthropod biomass (Fig. 3.3a, 3.3b), abundance (Fig.
3.3c, 3.3d), or taxon richness (Fig. 3.3e, 3.3f) between treatments (see appendix Table
B.4). In addition, the ANOSIM tests indicated that arthropod assemblages did not differ
between plot types for either windowpane (R=-0.01, p=0.57) or emergence trap (R=0.02, p=0.76) samples (Fig. 3.4a & 3.4b). Pairwise comparisons of mean Bray-Curtis
distances showed that within-plot type dissimilarities were high and comparable to the
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dissimilarities between-plot types for both treatment and control plots (Table 3.1a &
3.1b).

Associations with site conditions
Average water depth differed by less than one tenth of a centimeter between
control and treatment plots and average litter depths differed by less than three tenths of a
centimeter (see appendix Table B.2). Therefore, the ordination analyses and overlaid site
condition vectors implied that assemblage composition was not clearly associated with
increased or decreased water or litter depths (Fig. 3.4).

Harold Crane Waterfowl Management Area
Arthropod assemblages
ANOVA tests on windowpane data indicated that both arthropod abundance and
biomass were significantly greater in restoration areas than Phragmites stands (Fig. 3.5a,
3.5c). Conversely, windowpane trap taxon richness did not differ substantially between
the plot types (Fig. 3.5e, see appendix Table B.5). Results based on emergence trap data
were similar to windowpane data in that, restoration plots had significantly greater
arthropod abundance than Phragmites vegetation (Fig. 3.5b). However, both biomass
and taxon richness for emergent trap data did not differ substantially between restoration
and Phragmites plots (Fig. 3.5d, 3.5f, see appendix Table B.5).
The ANOSIM tests on windowpane trap data suggested that restoration and
Phragmites plots had notably different arthropod assemblages (p <0.01). However, a low
R value (R=0.16) suggested that these dissimilarities were weakly supported by the data
(Fig. 3.6a). Overall, Bray-Curtis indices indicated that windowpane trap arthropod
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assemblages in both Phragmites and restoration plots were more similar than different
and within habitat Bray-Curtis values were greater than or equal to between habitat
values (Table 3.2a). The Chironomidae (dominant in P. australis stands), Aphididae,
Corixidae, and Carabidae (dominant in Restoration treatment) arthropod families were
the arthropod families that primarily contributed to differences in windowpane trap
assemblages (see appendix Table B.1). Assemblages base on emergent traps also
differed in composition between the two plot types (p<0.01), though a low R value
(R=0.3) indicated the differences were minor (Fig. 3.6b). Furthermore, a comparison of
mean Bray-Curtis Index values suggested that variability in emergence trap arthropod
assemblages was equally high both within and between habitat types (Table 3.2b). This
within-vegetation type variability likely led to increased dissimilarity between the
Phragmites and restoration plot assemblages. The arthropods that were more responsible
for these emergence trap assemblage dissimilarities were the Chironomids (Restoration
treatment), Aphids (Restoration treatment), Dolichopodids (P. australis), and Dictynids
(P. australis) (see appendix Table B.1).

Association with site conditions
Both water and litter depth seasonal averages differed substantially between
Phragmites and Restoration plots. Restoration plots had greater water depths on average
and no litter present. Conversely, Phragmites stands had less water but greater litter
depths (~3cm greater) on average (see appendix Table B.3). Windowpane trap
assemblage composition data indicated that arthropod assemblages associated with
restored wetlands appeared in plots with both increased water and litter depths (Fig.
3.6a). Assemblage composition based on emergent trap data suggested that arthropod
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assemblages associated with restored wetlands appeared in plots with increased litter
depth and decreased water depths (Fig. 3.6b).

Discussion
Arthropod assemblages following Phragmites removal
Invasive plants can outcompete native vegetation, modify the structure and
function of an ecosystem, and potentially alter the resources available for native wildlife
(Gratton and Denno 2005, 2006; Lodge et al. 2006; Wu et al. 2008). Although the
reestablishment of native plants through invasive species removal can help recover the
structure, composition, function and services lost within invaded ecosystem (Weinstein et
al. 1997; Zavaleta et al. 2001), it is also important to recognize the effects that such
restoration practices have on other aspects of the ecosystem. Invasive plants are
particularly problematic in wetland ecosystems and threaten the valuable habitat that
wetlands provide for aquatic and terrestrial food webs (David et al. 2016; Gratton and
Denno 2005, 2006). Aquatic and terrestrial arthropods are a critical component of
wetland food webs, yet their responses to invasive Phragmites and native plant
reestablishment following Phragmites removal are not well understood. In this study, I
sought to determine if the restoration approach used following Phragmites removal
contributed to the arthropod assemblages present in a wetland, and to investigate how
Phragmites removal and the reestablishment of native vegetation effects arthropod
abundance, biomass, taxon richness, and assemblage composition within previously
invaded wetlands. I initially predicted that, following Phragmites removal, actively
revegetated areas that received seeding treatments would support higher arthropod
biomass, abundance, and taxon richness relative to unseeded areas. However, in the 2018
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case study, I did not observe any significant differences in the arthropod assemblages
observed at actively revegetated treatment and unseeded control areas. In addition, I
hypothesized that the removal of Phragmites and the return of native plant species would
increase arthropod biomass, abundance and taxon richness and that arthropod assemblage
composition would differ substantially between revegetated wetlands and Phragmites
stands. The 2019 case study highlighted several of these changes in arthropod
assemblages. I did not identify any significant differences in taxon richness between
restoration and Phragmites plots.
A qualitative comparison between the 2018 and 2019 case studies suggests that,
while invasive species removal and native vegetation recovery may create more favorable
habitat conditions for arthropods, the active reseeding of native plant species following
Phragmites removal does not necessarily result in the rapid return of arthropods or more
preferable arthropod habitat. Therefore, in wetlands managed for bird use, the removal of
Phragmites and reestablishment of native vegetation may increase the availability of
arthropod food sources for birds. However, abiotic site conditions and vegetation
structure, rather than restoration method, likely contribute more to arthropod use of these
wetlands. These abiotic variables, in addition to bird morphology and behavior, can also
determine food accessibility, which can greatly influence habitat use by wetland birds
(Bolduc and Afton 2004; Ma et al. 2010). Additional studies assessing each of these
factors are needed to understand how to maximize arthropod abundance and accessibility
in wetlands managed for bird use.

63
Effects of site conditions
There is evidence that suggests that differences in certain abiotic and biotic site
conditions contribute to arthropod habitat use (Arnold and Ormerod 1997; Jellinek et al.
2013). This study provided insight into how vegetation type, both native and invasive, as
well as site conditions related to vegetation type might influence arthropod assemblages
found in Great Salt Lake wetlands. At Farmington Bay, litter depth and water depths did
not differ greatly between the control and treatment plots and therefore did not appear to
influence the arthropod assemblages found in the different habitats. In 2019, water depth
and litter depth were identified as variables associated with dissimilarities in arthropod
assemblage taxon composition between Phragmites and restoration plots. Both water
depth and litter depth differed by several centimeters and appeared to be directly related
to habitat type. These findings suggest that, although arthropod assemblages might be
influenced by the vegetation assemblages present in each plot, both vegetation as well as
the abiotic site conditions present in each habitat likely contributed to dissimilarities in
arthropod assemblages in Great Salt Lake wetlands. These results were consistent with
previous studies that evaluated the effects of habitat structural changes and various
environmental factors on arthropod assemblages in North American coastal marshes
(Gratton and Denno 2005) as well as Phragmites-dominated European wetlands (Schmidt
et al. 2004). While I investigated the potential role of two site conditions (water and litter
depth), additional site variables (e.g., vegetation height, salinity, pH, temperature) may
contribute to dissimilarities between arthropod assemblages and should be considered in
future studies.
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Importance of arthropods as measures of restoration success
Current wetland management efforts often focus on the creation or restoration of
bird habitat (Ma et al. 2010). As invasive species removal and native plant
reestablishment can help restore wetland habitat structure, vegetation recovery is often
relied on as a metric of restoration success (Longcore 2003). However, this tendency to
focus on vegetation alone fails to account for the response of native fauna to restoration
efforts (Matthews 2009; Zhao et al. 2016), including arthropod assemblages (Longcore
2003). Terrestrial arthropods offer an important food source for wetland birds (Cavitt
2007; Richards 2014) that could potentially be directly monitored. While both plant and
arthropod richness are common measures of recovery following restoration in other
ecosystems, arthropods are not often used to measure restoration success in wetlands
(Ruiz-Jean and Aide 2005). Previous studies that have assessed arthropod responses to
restoration efforts in wetlands primarily evaluated aquatic macroinvertebrate (Brown et
al. 1997, Marchetti et al. 2010, Whyte et al. 2009), rather than terrestrial arthropod
assemblages (Gratton and Denno 2005, 2006). By assessing differences in both aquatic
and terrestrial arthropod assemblages following invasive species removal and various
restoration methods, observed changes in arthropod biomass and abundance can serve as
valuable metrics for quantifying avian food availability in wetlands. Furthermore, by
pairing arthropod data with additional studies that identify avian diets and preferred
arthropod food sources, assemblage composition can further serve as a potential indicator
of bird food availability. These observations coupled with the monitoring of vegetation
recovery can then be used to better determine restoration success.
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Conclusions and Management Recommendations
The threat posed by nonnative invasive plant species on global biodiversity is
prompting restoration and management efforts around the world (Bartz and Kowarik
2019; Schirmel et al. 2016; Weinstein et al.1997). However, there are few data to
describe how these efforts affect native assemblages and trophic interactions within
previously invaded ecosystems (see Fork 2010; Gerber et al. 2007; Gratton and Denno
2005,2006; Herrera and Dudley 2003; for robust examples). In wetlands, where many
resident and migratory birds are highly dependent on the shelter and resources provided
by native vegetation (Ma et al. 2010; O’Neal et al. 2008), differences in the arthropods
associated with native and invasive plant species are still largely unknown. Furthermore,
the ways in which common wetland restoration methods, such as the removal of an
invasive species and native plant revegetation, may alter arthropod assemblages are not
well understood. In my analysis of Great Salt Lake wetland arthropod assemblages at
Farmington Bay, arthropod emergence and activity did not differ based on the restoration
approach use following Phragmites australis removal. Furthermore, in a at Harold Crane
study, the removal of Phragmites coupled with native vegetation recovery increased
arthropod biomass and abundance and significantly altered arthropod assemblage
composition relative to Phragmites patches. In general, observed differences and
similarities in arthropod assemblages in both cases can be explained by a combination of
vegetation type (invasive vs. recovered native plant species) and habitat-specific abiotic
conditions. These findings suggest that arthropod habitat quality is not determined by
invasive species removal and revegetation efforts alone, but by both the abiotic and biotic
factors present.
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Overall, this study was limited in its temporal and spatial scope due to logistical
constraints, and the sites in the two separate case studies are not directly comparable as
sampling was conducted in different years. However, the combined findings of these
studies suggest that avian food sources may not be significantly influenced by different
restoration approaches but appear to benefit from invasive species removal and native
plant recovery. The results of this study also highlight an opportunity for future studies
to determine the generality of these findings to other Phragmites-invaded and restoration
areas across North America. Evidence regarding the impacts of Phragmites on native
fauna is often insufficient or conflicting in different regions (Kettenring et al. 2012).
Therefore, the application of a similar arthropod assemblage monitoring approach across
regions may provide valuable insight into the broader impacts of this invasive species on
native assemblages as well as the efficacy of current broadscale Phragmites restoration
efforts in North America (Martin and Blossey 2013; Rohal et al. 2018).
In Great Salt Lake wetlands specifically, this study has several management
implications. The removal of Phragmites, reestablishment of low-growing, emergent,
native plant species, and manipulation of water levels may maximize arthropod
abundance and biomass by encouraging both the emergence and movement of
arthropods. Similarly, in Phragmites- invaded wetlands in other regions, it is also critical
to determine how arthropods respond to invasive species presence and removal, as well to
different restoration approaches. If these wetlands are experiencing similar arthropod
assemblage trends to Great Salt Lake wetlands, invasive species removal, native plant
reestablishment, and the preservation of specific abiotic and biotic conditions that are
preferred by arthropods may help preserve avian food availability and foraging habitat in
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these areas. In general, by monitoring arthropod assemblages following invasive species
removal and restoration efforts, observed changes in arthropod assemblages and their
composition can serve as valuable metrics for quantifying avian habitat quality and
determining restoration success in wetlands across North America.
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Tables and Figures
Table 3.1 Mean Bray-Curtis dissimilarity matrix calculated using 2018 Farmington Bay
Waterfowl Management Area relative abundance data. High values indicate greater
dissimilarity between or within habitats while lower values indicate similarity
(a) Windowpane trap samples
Treatment
Control
Treatment
0.66
-Control
0.65
0.65
(b) Emergence trap samples
Treatment
Control
Treatment
0.75
-Control
0.76
0.79

Table 3.2 Mean Bray-Curtis dissimilarity matrix calculated using 2019 Harold Crane
Waterfowl Management Area relative abundance data. High values indicate greater
dissimilarity between or within habitats while lower values indicate similarity
(a) Windowpane trap samples
Phragmites
Restoration
Phragmites
0.63
-Restoration
0.67
0.62
(b) Emergence trap samples
Phragmites
Restoration
Phragmites
0.75
-Restoration
0.78
0.66
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Fig. 3.1 Map displaying the Great Salt Lake, Utah, U.S.A and the Department of Wildlife
Resources management boundaries of my study sites (Farmington Bay and Harold Crane
Wildlife Management Areas)
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(a)

(b)

Fig. 3.2 Images of (a) hanging, four-dimensional, flight-intercept (windowpane) trap and
(b) conical, preservative-free, emergence trap (0.24 m2 diameter base, approximately 1m
in height) used in this study
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Fig. 3.3 Differences in 2018 arthropod assemblages: average biomass per trap by habitat
type in (a) windowpane traps and (b) emergence traps; average arthropod abundance per
trap by habitat type in (c) windowpane traps and (d) emergence traps; and average taxon
richness (number of families) per trap by vegetation type in (e) windowpane traps and (f)
emergence traps at Farmington Bay Waterfowl Management Area
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(a)

(b)

Fig. 3.4 NMDS plots displaying between-site rank-similarity matrices for (a)
windowpane (stress: 1.9) and (b) emergence trap (stress: 2.5) samples created using
Bray-Curtis distance calculations on based on transformed arthropod abundances at
Farmington Bay Waterfowl Management Area. Distance between points represents the
degree of similarity/dissimilarity of arthropod assemblages between vegetation types
(points closer together have more similar species assemblages). Polygons connect
outermost (most dissimilar) assemblages for each vegetation type and significant site
conditions are plotted as vectors
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Fig. 3.5 Differences in 2019 arthropod assemblages: average biomass per plot by
vegetation type in (a) windowpane traps and (b) emergence traps; average arthropod
abundance per plot by habitat type in (c) windowpane traps and (d) emergence traps; and
average taxon richness (number of families) per vegetation type in (e) windowpane traps
and (f) emergence traps at Harold Crane Waterfowl Management Area
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(a)

(b)

Fig. 3.6 NMDS plots displaying between-site rank-similarity matrices for (a)
windowpane (stress: 0.16) and (b) emergence trap (stress: 0.26) samples created using
Bray-Curtis distance calculations on based on transformed arthropod abundances at
Harold Crane Waterfowl Management Area. Distance between points represents the
degree of similarity/dissimilarity of arthropod assemblages between vegetation types
(points closer together have more similar species assemblages). Polygons connect
outermost (most dissimilar) assemblages for each vegetation type and significant site
conditions are plotted as vectors
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CHAPTER IV
SUMMARY AND CONCLUSIONS

Invasive plants are particularly problematic in wetlands and have the potential to
threaten the valuable habitat that these ecosystems provide for aquatic and terrestrial food
webs (David et al. 2016; Gratton and Denno 2005; Gratton and Denno 2006).
Arthropods offer a vital food source for birds in wetlands (Cavitt 2007; Richards 2014).
Therefore, understanding how arthropods interact with native and invasive vegetation and
respond to restoration efforts should be considered in wetland management (Fork 2010;
Gerber et al. 2007; Gratton and Denno 2005,2006; Longcore 2003; Ruiz-Jean and Aide
2005). The research presented in this thesis describes arthropod assemblages found in
native wetland vegetation habitats and differences between these habitats and invasive
vegetation. In addition, this study provides insight into the role of restoration approach in
determining the arthropod assemblages present in previously-invaded wetlands and
highlights the potential benefits of invasive species removal for the creation of arthropod
habitat.

Arthropod assemblages
Native and invasive vegetation types
I explored the effects of invasive Phragmites australis on arthropod avian food
sources in Great Salt Lake wetlands, Utah, U.S.A. To understand how arthropod
assemblages differed between native and invasive Great Salt Lake wetland habitats, I
surveyed the arthropods present within three dominant native vegetation types and in
Phragmites-invaded areas. A comparison of these arthropod assemblages indicated that,
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while arthropod assemblage composition differs between vegetation types, arthropod
abundance, biomass, and taxon richness do not appear to differ substantially between
Phragmites and two native bulrush (hardstem and alkali) habitats. This finding suggests
that Phragmites does not inherently create poor habitat for wetland arthropods. In
addition, Salicornia rubra, the third native plant species included in this study, provided
unique arthropod habitat. I regularly observed significant differences between S. rubra
arthropod assemblages and other vegetation types, with increased biomass, abundance,
and taxon richness in windowpane trap samples and significantly lower biomass,
abundance, and taxon richness in emergence trap collections. These results suggest that
S. rubra is a “hotspot” of arthropod activity, primarily of flying insects, and may provide
essential habitat for arthropods across otherwise sparsely-vegetated playa landscapes.

Influence of restoration approach on arthropods following Phragmites removal
Although arthropod habitat was not significantly altered by the invasion of
Phragmites in Great Salt Lake wetlands, restoration efforts that involve the removal of
Phragmites and native plant revegetation are common in this region (Rohal et al. 2018).
Therefore, this study used two separate case studies to further explore the role of
Phragmites removal and native plant recovery in determining arthropod avian food
source availability. In 2018, I investigated the arthropod assemblages present in
previously invaded wetlands following the removal of Phragmites and two common
restoration approaches. In 2019, I assessed the effects of Phragmites removal and
passive native plant revegetation on wetland arthropods at a second location and directly
compared the assemblages found in Phragmites monocultures and recently restored
areas. In the 2018 case study, arthropod biomass, abundance, taxon richness, and
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assemblage composition did not differ significantly between wetlands that had been
actively revegetated (treatment plots) and unseeded wetlands (control plots) following
Phragmites removal. This finding suggests that restoration approach does not
differentially affect arthropod avian food sources in previously invaded wetlands.
In the 2019 case study, restoration plots with passively revegetated native plant
species provided more preferable arthropod habitat than Phragmites monocultures.
Restoration plots supported significantly higher arthropod abundance in both emergence
and windowpane trap samples and yielded greater arthropod biomass in windowpane trap
samples. These results suggest that arthropods benefit from Phragmites removal, with
recently restored wetlands experiencing increased levels of arthropod actively relative to
Phragmites stands.

Effects of site condition variables on arthropod assemblages
This research describes how vegetation, both native and invasive, as well as site
conditions determine the arthropod assemblages found in wetlands. In this study,
arthropod abundance, biomass, taxon richness, and assemblage composition were often
influenced by habitat type and correlated habitat-specific abiotic and biotic conditions.
Specifically, habitat-specific hydrology, vegetation density, and litter depth were
significant predictors of arthropod assemblage composition when comparing dominant
wetland habitats as well as in each restoration case study.
I found that arthropod assemblages in Phragmites were often associated with
higher water depths and greater vegetation biomass, while the arthropod assemblages
found in Salicornia rubra habitats were correlated with drier conditions and less dense
vegetation. The emergent arthropod assemblages captured in passive restoration plots in
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2019 were also correlated with increased water depths. Deeper water conditions in
restoration sites may have resulted from potential changes in site hydrologic regime
following Phragmites removal and contributed to the observed differences between the
restored vs. invaded plots in this case study. In general, the effects of each of these site
condition variables on arthropod assemblages and their assemblages were context
dependent. Emergence and windowpane trap samples were not equally affected by
hydrology, litter depth or vegetation biomass, and arthropod response to these variables
often varied by year and site.

Implications for restoration and management
The research described in this thesis has several restoration implications for Great
Salt Lake wetlands and Phragmites-invaded wetlands throughout North America. My
results provide a framework that can help managers prioritize specific habitat types that
are critical for arthropods to best preserve arthropod avian food sources in wetlands. This
study identified S. rubra playa wetlands as valuable arthropod habitat to be preserved in
the Great Salt Lake region and found that removal of Phragmites can create more
preferable habitat conditions for arthropods. Therefore, the removal of Phragmites and
establishment of diverse native vegetation patches can increase the arthropod food
sources available for resident and migratory bird species in Great Salt Lake wetlands.
Furthermore, this research highlights the potential importance of interacting abiotic and
biotic habitat conditions (i.e., the role of hydrology and vegetation structure) in
determining arthropod biomass, abundance, taxon richness, and assemblage composition
in native habitats, Phragmites stands, and restoration plots. These results indicate that the
management of areas in Great Salt Lake wetlands for low-growing, emergent plant
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species and regular water inundation can maximize arthropod habitat by encouraging
both arthropod emergence and movement in these areas.
In other North American wetlands managed for bird habitat, it is imperative that
managers recognize how arthropods use both native vegetation as well as Phragmites and
understand the effects of various habitat-specific conditions (i.e., hydrology, plant litter)
on arthropod assemblages. However, evidence regarding the impacts of Phragmites on
native fauna is often insufficient or conflicting in different regions (Kettenring et al.
2012). Therefore, the implementation of a similar arthropod monitoring approach across
regions has the potential to provide valuable insight into the broader impacts of
Phragmites on native assemblages as well as the efficacy of current broadscale
Phragmites restoration efforts in North America (Martin and Blossey 2013; Rohal et al.
2018). By monitoring differences in arthropod assemblages in native vegetation and
assessing these assemblages following invasive species removal and restoration, observed
changes in arthropod biomass, abundance, and assemblage composition can serve as
valuable metrics for quantifying avian food availability and restoration success in
wetland ecosystems.
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APPENDIX A

Supplemental Tables for Chapter 2
Table A.1 Percentages of common arthropod families found in each habitat type. The
selected families contributed the most to observed differences in arthropod assemblage
composition between the habitat types at the Bear River Migratory Bird Refuge in 2018
a.) windowpane traps and b.) emergence trap samples according to the SIMPER
procedure and vegan software
(a) Windowpane trap samples
Chironomidae
Anthicidae
Muscidae
Carabidae
Staphylinidae
Aphididae
Tetragnathidae
Curculionidae
Dolichopodidae
Ephydridae

B. maritimus
47.6
10.1
2.4
4.3
4.6
0.1
3.4
1.4
0.3
1.6

S. acutus
50.4
1.8
4.8
4.3
3.4
1.1
2.5
0.3
2
4.7

S. rubra
29.4
22.1
0.5
10.7
13.6
0.2
0
5
0.1
0.3

P. australis
23.7
1.8
10.6
1.6
3.2
12.4
6.7
0.2
1.4
8.2

B. maritimus
48.7
15.5
4.1
0.6
3.2
0.2
1.2
0
1.5
0.3

S. acutus
22.3
3
18.1
12.7
2.3
4.6
5.4
3.5
0.7
1.8

S. rubra
41
0.3
9.3
0
0
0.6
0.6
0.3
1.5
13

P. australis
11.7
0.6
19.2
13.7
0.8
2.1
2.7
1.3
4.2
3.2

(b) Emergence
Chironomidae
Baetidae
Ephydridae
Dolichopodidae
Coenagrionidae
Chloropidae
Muscidae
Ulidiidae
Gnaphosidae
Culicidae

88
Table A.2 Percentages of common arthropod families found in each habitat type. The
selected families contributed the most to observed differences in arthropod assemblage
composition between the habitat types at the Bear River Migratory Bird Refuge in 2019
a.) windowpane traps and b.) emergence trap samples according to the SIMPER
procedure and vegan software
(a) Windowpane Trap Samples
Chironomidae
Anthicidae
Muscidae
Carabidae
Staphylinidae
Aphididae
Tetragnathidae
Curculionidae
Corixidae
Ephydridae

B. maritimus
61.8
5.4
0.2
6.8
2.2
0.1
1.4
3.6
3.2
0.8

S. acutus
69
1.2
0.5
2.9
2.4
0.5
3.3
0.4
0
1.8

S. rubra
25.5
9.3
0.1
22.4
14.5
0.1
0.02
8.1
1
0.9

P. australis
60.8
0.9
0.2
5.2
2.4
3.4
3
0.1
0.1
5.3

(b) Emergence Trap Samples
B. maritimus

S. acutus

S. rubra

P. australis

Chironomidae

27.1

13.5

36.9

39.7

Baetidae

0.2

0.4

0

0.1

Ephydridae

12.7

6.1

3.9

36.2

Dolichopodidae

0.6

19.8

0

4.7

Limoniidae

1.2

16.9

0

0.2

Chloropidae

4

7

0.8

0.4

Theridiidae

9.2

0.3

0

0.2

Sphaeroceridae

7.6

3.3

12.9

9

Gnaphosidae

6.4

1.5

1.2

0.7

Tabanidae

7.2

0.1

0.4

0.2
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Table A.3 Season averages of site condition variables measured for each habitat type at
Bear River Migratory Bird Refuge in 2018
Site condition variable
Water depth (cm)
Average
Standard error
Range
Litter depth (cm)
Average
Standard error
Range

S. acutus

B. maritimus

P. australis

S. rubra

6.4
0.07
22.5

15.5
0.14
38.7

12.3
0.12
37.8

0
0
0

4.19
0.05
18.5

0
0
0

7.4
0.21
88.7

0
0
0

276.8
1.18
321.2

1874.6
9.85
3056

122.6
1.41
269.5

Vegetation Biomass (g/m2)
Average 1517.1
Standard error 4.65
Range 1557.3

Table A.4 Season averages of site condition variables measured for each habitat type at
Bear River Migratory Bird Refuge in 2019
Site condition variable
Water depth (cm)
Average
Standard error
Range
Litter depth (cm)
Average
Standard error
Range

S. acutus

B. maritimus

P. australis

S. rubra

12.8
0.66
35

8
0.49
15

5.4
0.36
12.5

0.2
0.02
0.5

1.1
0.15
6

0
0
0

1.1
0.18
7

0
0
0

276

1672.2

129.2

Vegetation Biomass (g/m2)
Average 1468.7
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Table A.5 Summary of Bear River Migratory Bird Refuge 2018 arthropod abundance,
biomass, and taxon richness ANOVA (F-test, degrees of freedom, p-value) results
comparing the assemblages associated with the four dominant vegetation types at the trap
level (see Fig. 2.3)
(a) Windowpane trap samples
F-value DF
Biomass (g) 40.83
3, 235
Abundance 27.84
3, 235
Richness
9.896
3, 235
(b) Emergence trap samples
F-value DF
3, 235
Biomass (g) 8.10
1.19
3, 235
Abundance
Richness
69.64
3, 235

p-value
<0.01
<0.01
<0.01
p-value
<0.01
<0.01
<0.01

Table A.6 Summary of Bear River Migratory Bird Refuge 2019 arthropod abundance,
biomass, and taxon richness ANOVA (F test, degrees of freedom, p-value) results
comparing the assemblages associated with the four dominant vegetation types at the trap
level (see Fig. 2.5)
(c) Windowpane trap samples
F-value
DF
Biomass (g)
33.44
3, 75
Abundance
14.39
3, 76
Richness
27.40
3, 76
(d) Emergence trap samples
F-value
DF
6.60
3, 75
Biomass (g)
14.39
3, 76
Abundance
Richness
8.44
3, 76

p-value
<0.001
<0.001
<0.001
p-value
<0.001
<0.001
0.003
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APPENDIX B

Supplemental tables for Chapter 3
Table B.1 Percentages of common arthropod families found in each habitat type. The
selected families contributed the most to observed differences in arthropod assemblage
composition between the habitat types at the Harold Crane Waterfowl Management Area
in 2019 a.) windowpane traps and b.) emergence trap samples according to the SIMPER
procedure and vegan software
(a) Windowpane Trap Samples
Restoration
Aphididae
41.1
Carabidae
3.5
Chironomidae
37
Corixidae
5.4
(b) Emergence Trap Samples
Aphididae
Chironomidae
Dictynidae
Dolichopodidae

Restoration
42.4
37.6
0.3
0.9

P. australis
0.6
2.5
78.1
1.3
P. australis
0.7
20.4
7.1
19.5

Table B.2 Season averages of site condition variables measured in both habitat types at
Farmington Bay Waterfowl Management Area in 2019
Site condition variable
Water depth (cm)

Control

Average 0.06
Standard error 0.03
Range 0.5

Treatment
0.13
0.05
0.5

Litter depth (cm)
Average 0.38
Standard error 0.21
Range 3

0.09
0.1
2
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Table B.3 Season averages of site condition variables measured in both habitat types at
Harold Crane Waterfowl Management Area in 2019
Site condition variable
Water depth (cm)

P. australis

Average 1.47

Restoration
4.8
0.29
13.95

Standard error 0.23
Range 11.3

Litter depth (cm)
Average 3.01

0
0
0

Standard error 0.15
Range 6.3

Table B.4 Summary of Farmington Bay Waterfowl Management Area 2018 arthropod
abundance, biomass, and taxon richness based on ANOVA results (F-test, degrees of
freedom, p-value) comparing the assemblages of the different habitats in both trap types
(a)Windowpane trap samples
F-value DF
Biomass (g) 0.9
1,38
Abundance 0.1
1,38
Richness
0.2
1,38
(b)Emergence trap samples
F-value DF
1,38
Biomass (g) 0.2
0.6
1,38
Abundance
Richness
1.3
1,38

p-value
0.34
0.77
0.66
p-value
0.63
0.45
0.26
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Table B.5 Summary of Harold Crane Waterfowl Management Area 2019 arthropod
abundance, biomass, and taxon richness based on ANOVA results (F-test, degrees of
freedom, p-value) comparing the assemblages of the different habitats in both trap types
(a)Windowpane trap samples
F-value DF
Biomass (g) 9.7
1, 38
Abundance 11.1
1,38
Richness
1.8
1,38
(b)Emergence trap samples
F-value DF
1,38
Biomass (g) 0.5
10.9
1,38
Abundance
Richness
0.1
1,38

p-value
<0.01
<0.01
0.19
p-value
0.50
<0.01
0.72

